Small plastic debris is ubiquitous in the aquatic environment, contaminating coastal[@b1][@b2], deep-sea[@b3], near-shore[@b1] and open-ocean[@b1][@b4][@b5] pelagic habitats. Global trends suggest that accumulations are increasing in aquatic habitats[@b1][@b5], consistent with trends in plastic production--- increasing 560 fold in just over 60 years[@b6]. Production trends in combination with increasing environmental accumulations may lead to greater hazards for wildlife.

Hazards associated with plastic debris include physical components of the material[@b7][@b8][@b9], chemical ingredients[@b7][@b10][@b11] and sorbed environmental chemicals[@b7][@b10] (e.g. persistent bioaccumulative and toxic substances (PBTs)[@b12][@b13] and metals[@b14]). Upon ingestion, microscopic plastic fragments can translocate into the tissues of mussels[@b15] and cause increased granulocytomas and decreased lysosomal membrane stability[@b9]. Based upon the UN Globally Harmonised System, \> 50% of plastics are associated with hazardous monomers, additives and chemical byproducts[@b11] (e.g. the carcinogenic polyvinyl chloride (PVC) monomer is the building block for the PVC[@b11] piping that transports our drinking water). PBTs, found on recovered plastic debris globally[@b12], bioaccumulate in foodwebs[@b10] and are linked with several adverse effects including endocrine disruption[@b16], decreased fish populations[@b17] and reduced species evenness and richness[@b18].

A concern often raised, that remains poorly understood, is the extent that chemicals associated with plastic debris, via environmental sorption[@b12][@b13] or the manufacturing process[@b10][@b11], bioaccumulate in animals as a consequence of ingestion. Evidence from laboratory studies include the bioaccumulation of polybrominated diphenyls (PBDEs), a flame-retardant added to plastics, in crickets via ingestion of polyurethane foam[@b19] and greater concentrations of polychlorinated biphenyls (PCBs) in lugworms fed polystyrene with sorbed PCBs[@b20]. In nature, plastics with sorbed chemicals are found globally from coastal areas to the remote habitats of the subtropical gyres[@b12]. Evidence from observational studies in nature have found that birds with plastic in their stomachs have greater concentrations of lower chlorinated PCBs in their tissue than those that do not[@b21] and similar congener patterns of PBDEs in their tissues as those found on the ingested plastic[@b22]. Of greater concern, is the hazards to wildlife health when they are exposed to the complex mixture of plastic material and plastic-associated chemicals (including the chemical ingredients and those sorbed from nature)[@b23].

The physical and chemical hazards outlined above combined with the ingestion of plastic by a large range of aquatic organisms across multiple trophic levels[@b24] and the evidence that supports chemical transfer from plastics to wildlife[@b19][@b20][@b21][@b22] prompted us to measure the bioaccumulation of chemicals and adverse health effects from plastic-ingestion in fish. Fish, one of the largest and most diverse groups of animals and of great ecological- and commercial- importance[@b25], are useful as sensitive indicators of effects associated with stressors in aquatic habitats[@b26]. Furthermore, plastic particles are reported in the gut content of several species of fish globally including from pelagic habitats[@b27][@b28], estuaries[@b29][@b30][@b31], and bays[@b32].

Using Japanese medaka (*Oryzias latipes*), a widely accepted model fish species[@b33][@b34], we achieved baseline information regarding the bioaccumulation of PBTs and associated health effects in fish via a chronic dietary exposure to low-density polyethylene (LDPE) plastic. Polyethylene has a greater affinity for organic contaminants than other mass-produced polymers[@b13], comprises the largest component of plastic production globally (29%[@b6]) and is one of the most common polymers recovered as aquatic debris[@b35]. Fish were exposed to three treatments: a negative control (no LDPE), a virgin-plastic (LDPE virgin pre-production plastic) and a marine-plastic treatment (LDPE deployed in an urban bay). Medaka were exposed to 10% plastic (by weight) mixed into treatment diets and sprinkled at the top of each tank. Diet and plastic dissociated at the surface and thus fish were exposed to plastic similar to the way they are in the wild (i.e. floating in the water column). As such, this translates to 8 ng of plastic per mL of water. Maximum concentrations reported in the North Pacific Subtropical Gyre are 300 ng/mL[@b5], and thus the concentrations of plastic used in this experiment may be considered environmentally relevant. Our chemical analyses targeted polycyclic aromatic hydrocarbons (PAHs), PCBs and PBDEs (see [Figure 1](#f1){ref-type="fig"} for a schematic diagram). All accumulate on plastic debris in marine habitats[@b12]. In addition, PBDEs are additives on several plastics[@b36] and PAHs are a likely byproduct of plastic manufacturing[@b37].

We hypothesized that, after a 2-month exposure, there would be larger concentrations of PBTs in the tissue of fish exposed to marine-plastic and that hepatic stress would be observed, using histopathology, in fish exposed to virgin- and marine-plastic. In addition, because a healthy liver is critical for metabolizing organic contaminants, aided by the CYP1A enzyme[@b38], we hypothesized greater expression of CYP1A, using RT-qPCR, in medaka exposed to virgin- and marine-plastic.

Results
=======

A cocktail of pollutants: plastic and PBTs in treatment diets
-------------------------------------------------------------

In a previous study, we found that polyethylene sorbs greater concentrations of PAHs and PCBs than other mass-produced polymers[@b13]. Thus, to prepare treatments, LDPE was deployed off of a floating dock in San Diego Bay, CA for three months in preparation for the dietary exposure. 12 PAHs, 27 PCBs and 13 PBDEs were targeted in virgin- and marine- LDPE pellets and 6 PAHs, 10 PCBs and 7 PBDEs were detected and quantified ([Figure 1](#f1){ref-type="fig"}). Concentrations of total PAHs, PCBs and PBDEs on marine-LDPE were 4 ×, 15 × and 1.4 × greater than on virgin-LDPE pellets respectively ([Table 1](#t1){ref-type="table"}). For concentrations of individual congeners see [Supplementary Table 1](#s1){ref-type="supplementary-material"}.

PAH, PCB and PBDE congeners quantified on LDPE were measured in all treatment diets (negative control, virgin-plastic and marine-plastic). Due to the presence of cod liver oil in all diets, PAHs, PCBs and PBDEs were present in all treatments including the negative control ([Table 1](#t1){ref-type="table"}). Still, the addition of LDPE deployed in San Diego Bay assured that the marine-plastic treatment diet exposed fish to greater concentrations of PBTs than the negative control and virgin-plastic treatment diets. Moreover, the addition of virgin-LDPE contributed greater concentrations of PAHs and PBDEs to the virgin-plastic than the negative control treatment. In this way, fish were exposed to greater concentrations of PBTs as a direct result of the addition of plastic to their diet. The virgin-plastic treatment diet had 2.4 × greater total PAHs, 2.2 × greater total PBDEs and relatively similar concentrations of total PCBs as the negative control treatment diet. The marine-plastic treatment diet had 2.3 × greater total PAHs, 6 × greater total PCBs and 2.8 × greater total PBDEs relative to the negative control treatment diet ([Table 1](#t1){ref-type="table"}). Our results show similar concentrations of PAHs reported in the marine-plastic and virgin-plastic treatment diets although concentrations of PAHs were much greater in marine- compared to virgin-LDPE pellets. Due to the complex matrix of the diet, we achieved poor resolution for several PAH congeners. In particular, fluoranthene was found at much greater concentrations on LDPE deployed in San Diego Bay, which is consistent with results from our previous study[@b13], but the poor resolution in the peaks did not allow us to detect this difference among diet samples. Individual congeners measured in all diets can be found in [Supplementary Table 1](#s1){ref-type="supplementary-material"}.

Bioaccumulation of PBTs via dietary exposure to treatment diets
---------------------------------------------------------------

After two months of dietary exposure, general patterns show a greater concentration of PBTs in fish exposed to the marine-plastic treatment. Mean concentrations of total PAHs, PCBs and PBDEs in fish from the marine-plastic treatment were 2.4 ×, 1.2 × and 1.8 × greater respectively than in fish from the negative control treatment ([Figure 2](#f2){ref-type="fig"}). While the total concentrations of PAHs and PCBs were not significantly different among treatments (*P* = 0.234 and *P* = 0.118 respectively; [Figure 2](#f2){ref-type="fig"}; see [Supplementary Table S2](#s1){ref-type="supplementary-material"} for ANOVA tables), concentrations of chrysene (*P* = 0.006) and PCB28 (*P* = 0.022) were significantly greater (α = 0.05) in fish exposed to the marine-plastic treatment relative to the virgin-plastic and negative control treatments ([Supplementary Tables S1 and S2](#s1){ref-type="supplementary-material"}). Nevertheless, total concentrations of PBDEs (*P* = 0.0003) and all individual PBDE congeners (*P* \< 0.05), with the exception of BDE155 (*P* = 0.425), in fish are significantly different among treatments such that fish exposed to the marine-plastic treatment have significantly greater (α = 0.05) concentrations of PBDEs than both the virgin-plastic and control treatments ([Figure 2](#f2){ref-type="fig"}, [Supplementary Tables S1 and S2](#s1){ref-type="supplementary-material"}). While we observed greater concentrations of PBTs in fish exposed to marine-plastic, this pattern was only apparent after the full 2-month exposure ([Figure 2](#f2){ref-type="fig"}). There were not significant differences among treatments at the one-month sampling period (*P* \> 0.05; [Figure 2](#f2){ref-type="fig"} and [Supplementary Table S3](#s1){ref-type="supplementary-material"}) suggesting that short-term exposures to a 10% plastic diet may not be a significant source of PBTs to aquatic life.

Adverse health effects
----------------------

Hypotheses regarding adverse effects to fish focused on sublethal effects to the liver induced by the ingestion of plastic. Here, we exposed fish to a low-dose of chemicals sorbed to plastics over a relatively long time period. Thus, as expected, we did not observe large amounts or differences in mortality among treatments. Rates of mortality within each treatment, throughout the 2-month experiment, were 4% from the negative control and virgin plastic treatments and 6% from the marine plastic treatment.

The Aryl hydrocarbon (AhR) receptor is activated upon exposure to several PBTs (including PAHs, PCBs and PBDEs) as a defense mechanism to aid metabolization[@b39]. After activation, AhR translocates to the nucleus to dimerize with ARNT, leading to changes in xenobiotic response-related gene transcription[@b40]. Transcriptional induction of CYP1A is a sensitive and specifically adaptive response in fish after exposure to polycyclic and halogenated aromatic hydrocarbons[@b40][@b41] and plays a role in detoxification and/or metabolic activation (carcinogenesis) of exogenous compounds[@b42]. Because response can differ among genders when fish are reproductively active, associated with biochemical changes during spawning[@b43], expression among treatments was compared separately for each sex. After one and two months of exposure, 1-factor ANOVAs showed no significant differences in expression of CYP1A (expressed as 2^−ΔCt^) among treatments for both males (*P* = 0.436 (1 month), *P* = 0.324 (2 month)) and females (*P* = 0.254 (1 month), *P* = 0.118 (2 month)) individually ([Figure 3](#f3){ref-type="fig"}).

Still, fish exposed to virgin- and marine-plastic treatments show signs of stress in their livers, including glycogen depletion, fatty vacuolation and single cell necrosis. Severe glycogen depletion was seen in 74% of fish from the marine-plastic treatment (*n* = 19 fish), 46% of fish from the virgin-plastic treatment (*n* = 24 fish), and 0% of fish from the control treatment (*n* = 24 fish). Fatty vacuolation was seen in 47% of fish from the marine-plastic treatment, 29% of fish from the virgin-plastic treatment and 21% of fish from the control treatment. Single cell necrosis was seen in 11% of fish from the marine-plastic treatment and in 0% of fish from the control and virgin-plastic treatment. An eosinophilic focus of cellular alteration, a precursor to a tumor, was seen in one fish from the virgin-plastic treatment ([Figure 4b](#f4){ref-type="fig"}) and a tumor, a hepatocellular adenoma (comprising 25% of the liver), was seen in one fish from the marine-plastic treatment ([Figure 4c](#f4){ref-type="fig"}).

Discussion
==========

One question often asked is whether plastic debris is a vector for PBTs to bioaccumulate in organisms that ingest it. The objective of this work was to address this question using a medaka fish model, as several species of fish in the wild ingest plastic debris[@b27][@b28][@b29][@b30][@b31][@b32]. Our model included environmentally relevant factors---LDPE fed to fish contained concentrations of PBTs that sorbed to LDPE from seawater in an urban bay, fish were chronically exposed to plastic similar to the way they are exposed in aquatic habitats[@b29], and fish were exposed to environmentally relevant concentrations of plastic[@b5]. We corroborated our first hypothesis, concluding that plastic deployed in the marine environment does serve as a vector for the bioaccumulation of PBTs sorbed to plastic, suggesting that plastic debris serves as a vector for the bioaccumulation of PBTs in wildlife.

While our experiment showed a general pattern, whereby concentrations of PAHs, PCBs and PBDEs were greatest in fish exposed to the marine-plastic treatment for 2 months, concentrations among treatments were only significantly different (α = 0.05) for chrysene, PCB28 and all PBDE congeners except BDE155. Because PAHs are easily biodegradable, bioaccumulation concentrations do not always reflect exposure[@b44] and thus the weak pattern shown here for PAHs may be expected. Due to the ubiquity of PCBs in the environment, it is difficult to differentiate bioaccumulation via plastic from bioaccumulation via the foodweb[@b22], consistent with the difficulty observed here in differentiating PCB bioaccumulation from plastic versus from cod liver oil. Still, the significant effect shown here for a lower-chlorinated PCB congener (PCB28) is consistent with observations of plastic ingestion by seabirds in the laboratory[@b10] and in nature[@b21], both finding a positive relationship between the bioaccumulation of lower-chlorinated PCB congeners and plastic debris. Moreover, the strong pattern for PBDEs observed here is consistent with previous observations showing a pattern between PBDEs and plastic ingestion in wild seabirds[@b22].

One might expect to see a similar pattern for PCBs and PBDEs due to their similarities in hydrophobicity. The pattern was the same, and we observed greater concentrations of PCBs and PBDEs in fish fed the marine-plastic treatment than the virgin-plastic and negative control treatments; however, the effect size for PCBs (*P* = 0.1) was not large enough to be considered significant at α = 0.05. PBDEs are less stable than PCBs, breaking down into their lower brominated congeners, and biomagnifying less than PCBs[@b45][@b46]. Because PBDEs do not biomagnify as well as PCBs, making exposure from prey smaller than for PCBs, contribution of PBDEs from plastic may be easier to clearly observe than the contribution of PCBs[@b22]. Furthermore, the instability of PBDEs may also mean they are more likely to transfer from plastic to an organism than PCBs, whose higher-chlorinated congeners have been shown to have a strong bond to plastic debris[@b12]. Testing this hypothesis may improve understanding of the patterns observed here.

There may have been greater differences among treatments if the diets formulated did not include cod liver oil and were free from contamination of PAHs, PCBs and PBDEs in the absence of plastic. Still, the situation in this laboratory experiment is ecologically relevant to wildlife because of the ubiquity and persistence of PBTs in water, sediments and foodwebs globally[@b47]. Because there were not statistically significant differences among concentrations of PAHs, PCBs or PBDEs between the virgin-plastic and control treatments, we conclude that the PBTs sorbed to plastic from ambient seawater did transfer from plastic to medaka upon ingestion. Thus, results from this experiment suggest that a chronic exposure of plastic debris in nature may be a significant route of exposure for PBTs in wildlife despite globally contaminated habitats. We suggest that future work test this hypothesis.

Another frequently asked question is how plastic ingestion affects the health of fish. This experiment demonstrates hepatic stress in medaka exposed to plastic, with a greater effect in fish exposed to the combination of plastic and sorbed contaminants. Thus, future assessments regarding hazards associated with plastic in aquatic habitats should consider the complex mixture associated with aquatic plastic debris[@b11][@b23].

Fish in this experiment were exposed to a complex mixture of chemicals via plastic ingestion, including targeted PAHs, PCBs and PBDEs in addition to constituents of the plastic itself and other non-targeted chemicals (including metals[@b14]) that sorb to LDPE from the marine environment. Not all chemicals activate AhR activity, and some act as inhibitors. For example, fluoranthene (detected in the diets fed to medaka in this study) inhibits AhR activity and can decrease expression of CYP1A[@b48]. Increasing evidence indicates that multifactorial mechanisms might be involved when organisms are exposed to a complex mixture. Our results suggest that an enhanced and/or inhibitory metabolic compensatory response elicited during this chronic 2-month exposure, with various modes of action, may be the reason for the insignificant differences in AhR activity. For further evidence regarding effects from exposure, we examined the livers of experimental medaka for tissue damage. Because the liver plays a central role in the metabolism and detoxification of xenobiotics[@b49], liver damage may hinder induction of such mechanisms including AhR activation.

Using histology, we observed severe glycogen depletion, fatty vacuolation, cellular necrosis, and lesions. Severe glycogen depletion has been observed in fish exposed to organochlorinated xenobiotics, like PCBs, and is attributed to the direct effect of the chemical on carbohydrate metabolism and is likely linked to the energy cost of detoxification[@b50]. Fatty vacuolation can lead to fatty liver degeneration[@b51] and has been reported upon exposure to PCBs in rats[@b52]. Although the number of lesions observed in fish is low, the formation of preneoplastic and neoplastic lesions observed in fish from the virgin- and marine-plastic treatments are likely related to the plastic. No lesions were observed in fish from the control treatment and the formation and promotion of spontaneous tumors is very rare in medaka less than one year of age[@b53].

Overall, we conclude that polyethylene ingestion is a vector for the bioaccumulation of PBTs in fish, and that toxicity resulting from plastic ingestion is a consequence of both the sorbed contaminants and plastic material. Thus, hazards related to plastic debris are not one-sided -- supporting the idea that the mixture of plastic and sorbed pollutants associated with plastic debris should be acknowledged in aquatic habitats[@b23]. Future studies should examine the hypothesis that plastics are a multiple stressor in aquatic habitats, shifting the focus to health effects from the combination of: the type, size and shape of the material, the chemical ingredients and the concentration of chemicals that sorbs to the material from the environment. Research that can prioritize those plastics associated with the greatest number of priority pollutants via their chemical constituents (e.g. polyurethane and polyvinylchloride[@b7][@b11]) or those that sorb the largest concentrations of chemicals from the environment (e.g. PE and PP[@b13]) is suggested.

Meanwhile the waste we generate globally is accumulating faster than urbanization, 10% of which is plastic[@b54], predicted to reach 2.2 billion tons annually by 2025[@b54]. As such, if we continue business-as-usual, by 2025 the amount of plastic discarded will surpass 220 million tons annually increasing opportunities for exposure by a wide breadth of organisms. Thus, it is time to implement more extensive research that can result in effective policy and management including the invention of materials that are sustainable and safe for people, the environment and wildlife.

Methods
=======

Dietary exposure
----------------

Control, virgin- and marine- plastic treatment diets were prepared. To prepare the marine-plastic treatment, virgin LDPE pellets (3 mm diameter) were deployed in the southern part of San Diego Bay. Briefly, 50 g of LDPE pellets in an individual Nitex mesh (1.3 mm) bag was deployed from a PVC frame suspended from a floating dock approximately 0.5 m below the surface at the Coronado Cays Yacht Club. After a 3-month time period, the plastic pellets were collected and stored at −20°C until future analysis and use.

After deployment, pellets were prepared for plastic treatment diets. First, virgin and recovered marine LDPE pellets were rinsed in ultrapure water and dried under a fume hood to remove sediment from the marine samples. In a few cases, large fouling organisms were seen attached to individual pellets; these pellets were excluded. Next, marine- and virgin- LDPE pellets were ground to \< 0.5 mm using separate conical burr grinders for conventional use. To avoid procedural contamination each grinder was cleaned by rinsing three times with acetone followed by hexane and grinding was conducted under a fume hood. Immediately before grinding, pellets were dipped in liquid nitrogen, using a stainless steel mesh, to avoid loss of chemical contamination due to heat. After grinding, plastics were sieved in pre-cleaned stainless steel metal sieves to collect fragments \< 0.5 mm.

All treatment diets for the 2-month exposure were prepared in our laboratory prior to experimentation. Diets were mixed on pre-cleaned surfaces using separate pre-cleaned dishes for each treatment to avoid procedural contamination and cross-contamination among treatments. In nature, medaka are omnivorous, feeding upon phyto- and zoo- plankton[@b34]. In the laboratory, diets are generally synthetic and may be supplemented with brine shrimp nauplia. For this experiment, treatment diets were mixed in the laboratory as follows. The negative control treatment diet contained 0% plastic and the virgin- and marine- plastic treatment diets contained 10% plastic. The ingredients for the negative control diet consisted of 62 g vitamin free casein, 30 g wheat gluten, 54.4 g dextrin, 8 g egg albumin, 10.4 g soy lecithin, 4 g vitamin premix, 6 g mineral premix, 4 g corn oil, 10 g cod liver oil and 7.2 g celufil. Vitamin and mineral mixes were purchased from ICN (Biomedical, Inc., Irvine, CA) and all other ingredients from U.S. Biochemical Corporation (Cleveland, OH). Diets containing plastic consisted of the same ingredients but substituted 20 g of dextrin with LDPE.

Adult medaka (7 month old and approximately 2.5--3 cm in length and 300 mg in weight) were randomly placed into nine 38 L tanks (71 fish per tank) on a 16-hour light-cycle. Water flow-rate and temperature was 720 ml/minute and 22--25°C respectively. Water quality (pH (7.8 ± 0.2), ammonium and nitrite (not detectable), nitrate (7.9 ±1 ppm), water hardness (120 mg L^−1^ CaCO~3~), electrical conductivity (400 UMHOS) and alkalinity (100 mg/CaCO~3~)) was monitored weekly. After one-month acclimation, three tanks were randomly assigned to each treatment.

During the exposure, fish were fed 2% body-weight per day divided into two portions (\~3 mg diet, 0.3 mg of which is plastic). To assign portions each week, 20 fish per tank were weighed weekly and average body-weight per tank assessed. Fish were fed twice daily by sprinkling their diet over the surface of each tank. This caused the diet to disperse and thus the plastic particles and diet were independent of each other. Still, we observed fish eating the plastic and identified it in the fecal material and in their GI tract under a microscope. Thus, although we did not force-feed the fish plastic, we are sure that several fish did ingest it as part of their diet. During each 30-minute feeding, water-flow to the tanks was turned off to prevent LDPE-contamination in the recirculating system. Afterward, waste and 30% of the water were siphoned from each tank and floating plastic removed by net.

Tanks were cleaned weekly. To prevent cross-contamination, activated charcoal filters were used and changed twice per month. PBTs were not detected in any of three replicate water samples collected post-experiment. In addition, plastic was never observed in tanks with the negative control treatment. Care, maintenance, handling, and sampling followed protocols approved by the UC-Davis Animal Care and Use Committee. After one and two months, fish were euthanized with MS-222 (tricaine methane sulfonate, Argent Chemical Laboratories Inc., Redmond, WA), weighed, measured and prepared for analyses.

Chemical analysis of PAHs, PCBs and PBDEs
-----------------------------------------

Water, plastic, diet and tissue samples were analyzed for PAHs, PCBs and PBDEs ([Figure 1](#f1){ref-type="fig"}). For information regarding materials, sample preparation, analysis and QA/QC see [Supplementary Methods](#s1){ref-type="supplementary-material"}. Concentrations of each congener and the totals of PAHs, PCBs, and PBDEs were quantified in fish. At the one-month sampling period, one pooled 5 g sample (approximately 14 fish) from each tank was analyzed and a 1-factor ANOVA (*n* = 3; α = 0.05) analyzed log-transformed concentrations among treatments. At the two-month sampling period, three pooled 5 g samples from each tank were analyzed and a 2-factor ANOVA (*n* = 3; α = 0.05) analyzed log-transformed concentrations among treatments with fixed-factor "treatment" and random-factor "tank" nested in "treatment". When "tank × treatment" was \> 0.250, this term was pooled. For the majority of the data, a Cochran\'s (1951) *C*-test (α = 0.05) showed homogeneity of variances. In some cases variances were heterogenous, but still analyzed because analysis of variance is relatively robust to heterogenous variances[@b55]. SNK tests (α = 0.05) distinguished significantly different treatment means. Statistical analyses were performed using GMAV (EICC, University of Sydney).

CYP1A expression
----------------

At each sampling, livers of six male and six female medaka (pooled by sex) were sampled from each replicate tank, weighed and stored at −80°C. Total RNA was isolated using TRIZOL© reagent following the manufacturer\'s instruction (Life Technologies, Carlsbad, CA, USA). Concentration of total RNA was quantified by NanoDrop© spectrophotometry (NanoDrop Technologies, Wilmington, DE, USA). All RNA samples were treated with DNase I (Sigma, AMPD1-1Kit) to eliminate carryover contamination of genomic DNA. First-strand cDNA synthesis was performed using Superscript-II (Life Technologies) following the manufacturer\'s protocol. Primers for reference genes (GAPDH, β actin, and 18SrRNA) and CYP1A for RT-qPCR were purchased from Invitrogen ([Supplementary Table 4](#s1){ref-type="supplementary-material"})[@b56][@b57]. All reactions were performed in triplicate using an AB 7900 HT FAST thermocycler with SYBR-Green Universal Master Mix (Life Technologies). The internal control for each sample was calculated as the geometric mean of the three reference genes (GAPDH, β actin, 18sRNA). The coefficient of variation among internal controls across all samples was \< 5%. The amplification efficiencies for the primer and probe set between CYP1A and the three reference genes were within ± 5%.

The cycle threshold value (C~T~) for the reference genes and the gene of interest was determined and C~T~ values for each sample were calculated as the mean of triplicate reactions. 1-factor ANOVAs (*n* = 3, α = 0.05), with fixed factor treatment, analyzed 2^−ΔCt^ values (individual data points normalized to the internal control[@b58]) among treatments for each sex and sampling period individually. 2^−ΔCt^ values were log transformed and homogeneity of variance was verified by a Levene\'s test (α = 0.05). Statistical analyses were performed using SYSTAT 12 (SYSTAT Software, Chicago, IL).

Histopathology
--------------

At the two-month sampling period eight fish (4 males and 4 females) were randomly sampled from each replicate tank for histopathology. Fish were fixed in 10% neutral buffered formalin and dehydrated in a graded ethanol series and embedded in paraffin. Serial trans-sagittal sections (3 μm) were stained with hematoxylin and eosin (H&E) and lateral views screened by a BH-2 Olympus microscope. Five fish from the marine-plastic treatment were sacrificed due to methodological error during processing for histopathological analysis. Livers were screened for a variety of histopathological features and scored on an ordinal ranking system of 0 = none/minimal, 1 = mild, 2 = moderate, and 3 = severe. Glycogen depletion is characterized by smaller hepatocytes and irregular, and poorly demarcated cytoplasmic vacuolation and increased cytoplasmic basophilia. Single-cell necrosis is characterized by eosinophilic (i.e., pink coloration) cytoplasm with nuclear pyknosis and karyorrhexis. Fatty vacuolar degeneration, lipidosis, is characterized by excess lipid, appearing as clear, round, and well-demarcated cytoplasmic vacuoles. Because of the significance of foci of cellular alteration and hepatic tumors in the progression of fish hepatocarcinogenesis, these lesions were counted rather than scored.
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![Schematic diagram of experimental design.\
The diagram shows how we chose which contaminants to look for based upon our hypothesis.](srep03263-f1){#f1}

![Body burden of *Oryzias latipes* after the 1- and 2-month exposure.\
Bar graphs show mean concentrations (ng/g lipid + s.e.m) of total PAHs (left), PCBs (middle) and PBDEs (right) in fish tissue (*n* = 3) after one (top) and two (bottom) months of exposure. White bars represent the negative control (NC), bars with diagonal lines represent the virgin-plastic (VP) and black bars represent the marine-plastic (MP) treatment. A 2-factor ANOVA showed no significant differences between treatments for total PAHs, PCBs or PBDEs after 1 month and for total PAHs and PCBs after 2 months, but showed a significant difference (*P* = 0.0003) between treatments for total PBDEs after 2 months. A post-hoc SNK distinguished the marine-plastic having greater concentrations than the virgin-plastic and control treatment.](srep03263-f2){#f2}

![Hepatic CYP1A expression in medaka.\
The CYP1A value (y-axis) is given as the mean 2^−ΔCt^ value + s.e.m. (individual data points normalized to the internal control[@b48]) for the 1-month (left) and 2-month (right) exposure for males (M) and females (F) separately (*n* = 3). For all graphs the negative control (NC) treatment is depicted by white, the virgin-plastic (VP) treatment by diagonal and the marine-plastic (MP) treatment by black bars. For CYP1A expression, 1-factor ANOVAs showed no significant difference (*P* \> 0.05) between treatments for either sex after both time periods.](srep03263-f3){#f3}

![Liver Histopathology in medaka sampled after 2 months.\
Micrographs show livers that are glycogen-rich from the control treatment (a) and glycogen-depleted from the virgin-plastic (b) and the marine-plastic treatment (c). An eosinophilic focus of cellular alteration, a precursor to a tumor, was observed in one fish from the virgin-plastic treatment (b). The circle highlights eosinophilic (pinkish coloration) hepatocytes, approximately twice as large as the basophilic (blue coloration) glycogen-depleted hepatocytes. The progression of neoplastic hepatocytes is evidence by the presence of a tumor, a hepatocellular adenoma, in one fish from the marine-plastic treatment (encircled in panel c).](srep03263-f4){#f4}

###### Concentrations of chemicals (ng/g) in LDPE and diet matrices

                                      Σ PAHs   Σ PCBs   Σ PBDEs
  ---------------------------------- -------- -------- ---------
  virgin ground LDPE (ng/g pellet)      32      1.1       1.4
  marine ground LDPE (ng/g pellet)     129       17       1.9
  control diet (ng/g diet)              24      0.3       1.1
  virgin-plastic diet (ng/g diet)       58      0.8       2.4
  marine-plastic diet (ng/g diet)       55      5.3       3.1

ΣPAHs: phenanthrene, anthracene, fluoranthene, pyrene, benzo(a)anthracene and chrysene.

ΣPCBs: CB\#18, 28, 44, 52, 101, 118, 123, 138, 153, 187.

ΣPBDEs: BDE\#47, 49, 99, 100, 153, 154, and 155.
